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ABSTRACT / Basic information on where nonnative plant spe-
cies have successfully invaded is lacking. We assessed the
vulnerability of 22 vegetation types (25 sets of four plots in
nine study areas) to nonnative plant invasions in the north–
central United States. In general, habitats with high native
species richness were more heavily invaded than species-
poor habitats, low-elevation areas were more invaded than

high-elevation areas, and riparian zones were more invaded
than nearby upland sites. For the 100 1000-m2 plots (across
all vegetation types), 50% of the variation in nonnative species
richness was explained by longitude, latitude, native plant
species richness, soil total percentage nitrogen, and mean
maximum July temperature (n � 100 plots; P � 0.001). At
the vegetation-type scale (n � 25 sets of four 1000-m2 plots/
type), 64% of the variation in nonnative species richness was
explained by native plant species richness, elevation, and Oc-
tober to June precipitation (P � 0.001). The foliar cover of
nonnative species (log) was strongly positively correlated with
the nonnative species richness at the plot scale (r � 0.77,
P � 0.001) and vegetation-type scale (r � 0.83, P �

0.001). We concluded that, at the vegetation-type and re-
gional scales in the north–central United States, (1) vegetation
types rich in native species are often highly vulnerable to inva-
sion by nonnative plant species; (2) where several nonnative
species become established, nonnative species cover can
substantially increase; (3) the attributes that maintain high na-
tive plant species richness (high light, water, nitrogen, and
temperatures) also help maintain nonnative plant species rich-
ness; and (4) more care must be taken to preserve native spe-
cies diversity in highly vulnerable habitats.

Invasive nonnative plant species are a growing con-
cern in the north–central United States and elsewhere
because some of them can poison livestock, clog water-
ways, compete with cash crops, and degrade rangelands
(Westbrooks 1999). In this paper, we operationally de-
fine nonnative species as species from other continents.
Managers of national parks, wildlife refuges, and other
natural areas are also concerned because of the poten-
tial negative effects of nonnative plant species on native
plant diversity, wildlife habitat, native pollinators, fire
regimes, and nutrient cycling (Vitousek 1990,
D’Antonio and Vitousek 1992, Stohlgren and others
1999a, Westbrooks 1999). Thus, there is an urgent need
to assess the vulnerability of natural landscapes and
specific habitats to invasion (Loope and Mueller-Dom-

bois 1989). To guide research, control, and restoration
efforts, basic information is needed on where nonna-
tive species have successfully invaded. Since only a small
portion of any large landscape or region can be afford-
ably surveyed, modeled information on native and non-
native plant diversity, soil characteristics, topography,
and climate is needed to guide the management of
invasive species in the larger, unsampled areas (Stohl-
gren and others 1997, Chong and others 2001).

Little is known about the vulnerability of many nat-
ural landscapes to invasion (Alpert and others 2000).
Global-scale observations, ecological theory, and small-
scale experiments may not be particularly helpful. Ob-
servations from Darwin (1859) and Elton (1958) to
Vitousek and others (1996) and Rejmánek (1996)
clearly show that species-poor plant communities on
islands are easily invaded by nonnative plant species.
Observations also show that species-rich tropical rain
forests have been poorly invaded by nonnative species
(Elton 1958, Rejmánek 1996). In a recent synthesis of
floras around the globe, Lonsdale (1999) found that
many species-rich areas had high numbers of nonnative
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species, and scientists are questioning earlier theories
and paradigms (Stohlgren and others 1999a, Levine
and D’Antonio 1999). Still, there are few generalities
about plant invasion in various vegetation types over
large continental areas (Moulton and Pimm 1986,
Crawley 1987, Rejmánek 1996).

Several mathematical models suggest that areas of
high species diversity should be resistant to invasion by
nonnative species (Turelli 1981, Post and Pimm 1983,
Rummel and Roughgarden 1983, Case 1990, Law and
Morton 1996). The mathematical models generally
claim that colonization by nonnative species should
decline in the face of many strongly interacting species,
which are thought to use resources more completely. A
few field studies and small-scale experiments have re-
ported a negative relationship between native and non-
native species richness (Fox and Fox 1986, Smallwood
1994, Tilman 1997). One small-scale experiment (Le-
vine 2000) found a positive relationship between non-
native species success and native plant diversity in one
vegetation type in California. In a seed-addition exper-
iment in mature oak savanna in Minnesota, Tilman
(1997) found that invasibility correlated negatively with
plant species richness (n � 60, 1-m2 plots). Many of
these observations, theories, and small-scale experi-
ments could lead land managers to believe that species-
rich plant communities might somehow be less vulner-
able to invasion by nonnative plants than species-poor
communities because there might be no available
niches (Grime 1973, MacArthur and Wilson 1967, Til-
man 1982, 1997, McNaughton 1983, 1993).

However, a growing number of observational studies
have demonstrated that, locally, not all species-rich veg-
etation types are immune to nonnative plant invasions.
Robinson and others (1995) and Robinson and Quinn
(1988) showed that species-rich areas of annual grass-
lands in California were more easily invaded than spe-
cies-poor areas. Timmins and Williams (1991) found
that the number of weeds in New Zealand’s forest and
scrub reserves did not correlate with the number of
native species. Recently, our survey of five forest and
meadow vegetation types in the Colorado Rockies and
four prairie types in Colorado, Wyoming, South Da-
kota, and Minnesota reported more extensive nonna-
tive plant invasions in species-rich vegetation types
(Stohlgren and others 1999a). Our observations were
limited to nine vegetation types (four 1000-m2 study
plots per type), but they raise the possibility that, at a
local scale, some species-rich vegetation types could be
invaded. To guide research, control, and restoration
activities at landscape and regional scales, additional
systematic surveys were badly needed to provide land
managers with information on the patterns and envi-

ronmental factors associated with the successful inva-
sion of nonnative plant species.

It is important to understand how studies of plant
invasion may be affected by scale (or grain, or plot size)
and extent (range of habitats or vegetation types stud-
ied, area of the region assessed). Recent small-scale,
site-specific experiments have yielded contradictory re-
sults showing that species-rich areas can be either less
invaded (Tilman 1999) or more invaded (Levine 2000),
while global-extent studies suggest that species-rich ar-
eas have been heavily invaded (Lonsdale 1999). The
results of small-scale experiments and evaluations of
regional floras have not been particularly useful to land
managers who demand landscape-scale information on
which vegetation types are (or may be) heavily invaded.
Are some vegetation types consistently more heavily
invaded than other habitats. It remains a top research
priority of several land management agencies to con-
duct systematic surveys at multiple spatial scales (e.g.,
the plot, landscape, and biome-scales) for the early
detection and management of nonnative plants.

The objective of this present study was to assess
patterns of nonnative plant invasions relative to vegeta-
tion-type characteristics, topography, level of distur-
bance, and soil characteristics (e.g., soil texture, nitro-
gen, and carbon). We synthesized data from several
studies that used the same multiscale vegetation and
soil sampling methods to expand greatly the number
and spatial distribution of samples compared to single,
smaller studies. We developed explanatory models
based on the data from the 22 vegetation types through-
out the north–central United States from four previous
studies (Stohlgren and others 1998a,b, 1999a,b).

Study Areas

Four studies were conducted in nine areas (25 sets of
four plots in 22 vegetation types) between 1995 and
1998 (Figure 1). At each site, four multiscale 20 � 50-m
vegetation plots (modified Whittaker plots; Stohlgren
and others 1995) were sampled as described below.
Grassland Study. Our study locations included short-
grass steppe at the Central Plains Experimental Range
(Pawnee National Grassland, Nunn, Colorado), mixed
grass prairie at the High Plains Experiment Station
(Cheyenne, Wyoming), northern mixed prairie at
Wind Cave National Park (Hot Springs, South Dakota),
and tallgrass prairie at Pipestone National Monument
(Pipestone, Minnesota). Except for the tallgrass prairie
location, which had no grazing, we randomly estab-
lished four 20 � 50-m sample plots at each location that
encompassed various grazing intensities including
lightly grazed, heavily grazed, and protected habitats.
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At the Central Plains Experimental Range, all sites were
grazed, although plot 3 was part of an exclosure that
had been opened to grazing in 1990. At the Cheyenne
High Plains Experimental Station, three of four plots
were grazed primarily by cattle and lightly by native
ungulates, while one plot excluded cattle grazing
(called “ungrazed”). At Wind Cave National Park, all
four plots were located in areas grazed by native ungu-
lates (bison, Bison bison; pronghorn, Antilocarpa ameri-
cana; deer, Odocoieus spp.; and elk, Cervus elaphus). At
Pipestone National Monument, all areas are prescribed
burned on a 3- to 4-year cycle. In 1996, we sampled the
shortgrass steppe from 1 to 3 July, the mixed grass
prairie from 25 to 27 June, the northern mixed prairie
from 10 to 13 July, and the tallgrass prairie from 24 to
27 July. Plant species that could not be identified in the
field were collected and identified at the Colorado
State University herbarium. About 9% of the plant
specimens collected could not be identified to species
due to inappropriate phenological stage or missing
flower parts. For more details see Stohlgren and others
(1998a).
Riparian Study. There were four study locations: one in
the shortgrass steppe at the Central Plains Experimen-
tal Range and three areas of northern mixed prairie at
Wind Cave National Park (South Dakota), Badlands
National Park (South Dakota), and Bighorn Canyon
National Recreation Area (Wyoming and Montana).
We randomly established four 20 � 50-m sample plots

in lowland/riparian zones along creek sides, kettle
ponds, or obvious intermittent drainages and at upland
sites at each location. We selected sites with similar
grazing intensities for riparian and upland sites in each
area. At the Central Plains Experimental Range, all sites
were grazed season-long (June–October) by cattle. At
Wind Cave National Park, all sites were grazed by native
ungulates (bison, deer, and elk). At Badlands National
Park, all areas were grazed by bison, pronghorn ante-
lope, deer, and prairie dogs (Cynomys spp). Bighorn
Canyon National Recreation Area was grazed by wild
horses (Equus caballus), bighorn sheep (Ovis Canaden-
sis), and deer. Each site was sampled as close to peak
phenology as possible. In 1997, we sampled the Central
Plains Experimental Range from 9 to 11 June, Wind
Cave National Park from 25 to 28 June, Badlands Na-
tional Park from 2 to 5 July, and Bighorn Canyon
National Recreation Area from 25 to 27 July. Plant
species that could not be identified in the field were
collected and identified at the Colorado State Univer-
sity herbarium. About 15 to 18% of the plant species in
riparian and upland sites, respectively, could not be
identified due to phenological stage or missing flower
parts, due to grazing. For more information see Stohl-
gren and others (1998b).
Rocky Mountain National Park Study. Seven vegetation
types were sampled in a portion of Rocky Mountain
National Park, Colorado (elevation, 2500–3660 m).
These were lodgepole pine (Pinus contorta), aspen
(Populus tremuloides), ponderosa pine (Pinus ponderosa),
wet meadow (dominated by Poa palustris, Deschampsia
caespitosa, and Poa interior), dry meadow (dominated by
Carex helianthus and Artemisia tridentata), mixed conifer
(may include Abies lasiocarpa, Picea engelmanii, Pinus
contorta, and Pinus flexilis), and alpine tundra. Most of
the area was moderately grazed by elk and deer. Four
20 � 50-m sample plots were randomly located in each
vegetation type. Each site was sampled as close to the
phenological maximum (peak biomass) as possible.
Sites at Beaver Meadows, Rocky Mountain National
Park, were sampled between 1 June and 15 July 1995
(for details see Stohlgren and others 1997a, 1999a).
Grazing Study. Four modified Whittaker plots in grazed
and long-term ungrazed (�12 years of continued pro-
tection) areas were sampled at the Charles M. Russell
National Wildlife Refuge, Montana, Yellowstone/
Grand Teton National Parks, Wyoming, and Wind Cave
National Park, South Dakota, in 1996. Yellowstone/
Grand Teton National Park was sampled from 9 to 19
July, Wind Cave National Park was sampled from 10 to
12 July, and Charles M. Russell National Wildlife Ref-
uge was sampled from 6 to 11 August. All but 5% of the
specimens encountered could not be identified to spe-

Figure 1. Map of study sites.
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cies. For additional details, see Stohlgren and others
(1999b).

Methods

The modified Whittaker sampling plot measured
20 � 50 m (Stohlgren and others 1995) and was placed
with the long axis parallel to the environmental gradi-
ent. Nested in each plot were 10 0.5 � 2-m (1-m2)
subplots systematically spaced along the inside border.
Foliar cover for each species in the understory and
percentage bare ground were estimated to the nearest
percent in the 10 1-m2 subplots, and native and non-
native plant species were noted in each 1000-m2 plot.
Ancillary data recorded for each plot included UTM
location from a global positioning system and elevation,
slope, and aspect.

All plots were rated for disturbance as follows: 0 �
long-term exclosure; 1 � almost no grazing by native
ungulates or livestock; 2 � light grazing; 3 � moderate
grazing; 4 � heavy grazing or mowing; and 5 � recent
fire (past 3 years). Five soil samples (0–15 cm deep)
were taken from the four corners and center of each
plot and pooled into one plastic bag. Surface litter, if
present, was removed. Samples were air-dried for 48 h,
sieved with a standard No. 10 (2-mm-pore size) sieve,
and ground in a standard ball mill grinder. Samples
were analyzed for percentage total carbon and nitrogen
using a LECO-1000 CHN Analyzer following the meth-
ods of Carter (1993) and for particle size based on the
standard hydrometer method of Gee and Bauder
(1986).

Climate data were gathered from the long-term
weather station nearest to each site. Climate variables
included mean October–June precipitation, July–Sep-
tember precipitation, maximum and minimum January
temperatures, and maximum and minimum July tem-
peratures.

Statistical Analysis

Analyses were conducted at two scales. At the “plot
scale” (0.1-ha scale), each of the 100 plots was a sample
unit. Nonnative species richness and cover were en-
tered into the multiple and simple regressions as de-
pendent variables, and other plant, soils, and topo-
graphic variables were entered as independent
variables. At the “vegetation-type scale,” the grand num-
ber of native and nonnative species (combined species
lists from four 1000-m2 plots in each vegetation type)
and mean soil, disturbance, and topographic character-
istics were used in the multiple regressions.

Simple linear regressions were used at both scales to

determine the relationships of nonnative species rich-
ness and cover with native species richness and cover,
topographic variables, and soil characteristics and to
predict nonnative species richness and cover. Soil char-
acteristics included percentage total nitrogen, percent-
age total carbon, and percentage sand, silt, and clay
(percentage silt was not added into the multiple regres-
sion models to reduce multicollinearity). The forward
linear multiple regression models (SYSTAT version 7.0;
SPSS 1997) included only variables meeting the P �

0.15 criterion. Data distributions that were strongly
skewed were transformed prior to analysis. Log trans-
formations were used on the total soil N, the C:N ratio,
and the number and cover of nonnative species.

We used path coefficient analysis (Dewey and Lu
1959) to evaluate the direct and indirect relationships
of the environmental factors to nonnative species rich-
ness and cover. Again, we relied on forward stepwise
regression, the most widely used multiple regression
model (Neter and others 1990), to compare nonnative
species richness and cover at multiple scales (plot scale
and vegetation-type scale) in a consistent manner. This
regression model may not always result in the “best”
regression model for all comparisons (see Neter and
others 1990, pp. 452–453), but the reported relation-
ships agreed with field observations. Path coefficient
analysis simply displays the standardized partial regres-
sion coefficient (direct influence) of an environmental
factor on the dependent variable, with significant (P �

0.05) simple correlation coefficients (indirect influ-
ences) shown among environmental variables. The re-
sidual factors (i.e., unexplained variation) from the
stepwise multiple regressions are not presented but
they are easily calculated as R(X) � %(1 � R2) (Dewey
and Lu 1959, Stohlgren and Bachand 1997).

Results

Mean species richness varied considerably among
plots and vegetation types (Table 1), a fact underscored
by the range of values recorded. Native species richness
ranged from 9 species/0.1 ha in an ungrazed northern
prairie type at the Charles M. Russell National Wildlife
Refuge in Montana to 71 species/0.1 ha in a grazed
northern prairie type at Wind Cave National Park,
South Dakota. Nonnative species richness ranged from
0 species/0.1 ha in the high-elevation alpine type at
Rocky Mountain National Park, Colorado, to 18 spe-
cies/0.1 ha in the riparian juniper–grassland type at
Bighorn Canyon National Recreation Area, Wyoming.
The greatest foliar cover of nonnative species was 51%,
recorded in desert grassland at Badlands National Park
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in South Dakota, followed by 44% in tallgrass prairie at
Pipestone National Monument, Minnesota.

Soil characteristics also varied considerably among
plots and vegetation types (Table 2), again high-
lighted by recorded ranges. The percentage sand in
the top 15 cm of soil, for example, ranged from only
2.4% in a northern prairie plot at the Charles M.
Russell National Wildlife Refuge to 87.6% in a mon-
tane meadow plot in Montana (Yellowstone/Teton
National Parks). Conversely the percentage clay
ranged from 6.7% in an aspen plot at Rocky Moun-
tain National Park to 89.3% at the Charles M. Russell
National Wildlife Refuge. The percentage, total nitro-

gen in the soil ranged from 0.02% in the riparian juniper–
grassland type to 0.8% in a wet meadow plot at Rocky
Mountain National Park. Likewise, the percentage total
carbon varied from 0.3% in the riparian juniper–grass-
land type to 14.2% in a mixed conifer forest plot at Rocky
Mountain National Park.

There was evidence that climate and soils influ-
enced total species richness at the 1000-m2 plot scale.
About 25% of the variation in total species richness
was explained by the mean July maximum tempera-
ture, January minimum temperature, percentage clay
content in the soil, October–June precipitation, and
July–September precipitation (F � 6.8, P � 0.001,

Table 1. Vegetation characteristics in 100 0.1-ha plots (25 sets of 4 plots in 22 vegetation types) in the
north–central United States: Mean of four to eight plots (standard error)

Study areaa Vegetation type

Native Nonnative

Species richness % cover Species richness % cover

Rocky Mountain N.P., CO Alpine 25.0 (3.9) 74.4 (4.3) 0.0 0.0
Aspen 50.2 (3.2) 38.7 (10.5) 5.5 (1.8) 6.4 (4.2)
Wet meadow 35.0 (8.7) 79.0 (6.0) 6.5 (1.2) 5.8 (2.6)
Lodgepole pine 29.0 (2.9) 8.0 (2.0) 1.5 (0.3) 0.3 (0.2)
Dry meadow 41.5 (1.7) 44.3 (1.9) 2.0 (0.7) 0.6 (0.2)
Ponderosa pine 34.8 (3.2) 15.6 (1.1) 2.0 (0.7) 0.2 (0.1)
Mixed conifer 22.5 (6.1) 48.2 (15.8) 1.8 (1.2) 1.0 (1.0)

High Plains Exp. Ctr., WY Mixed-grass prairie 35.5 (2.1) 45.9 (5.9) 2.5 (1.0) 0.04 (0.04)

Wind Cave N.P., SD Northern mixed prairie
Grazed 41.6 (4.9) 31.9 (4.5) 6.8 (0.5) 20.8 (4.4)
Riparian 56.5 (5.4) 38.1 (3.4) 9.0 (0.8) 12.0 (4.8)

Charles M. Russell Northern mixed prairie
N.W.R., MT Ungrazed 23.0 (5.9) 19.8 (4.9) 1.2 (0.5) 0.4 (0.2)

Grazed 19.4 (2.8) 19.6 (3.2) 0.8 (0.3) 0.2 (0.1)

Yellowstone/Grand Teton Montane meadow
N.P., WY Ungrazed 34.0 (1.7) 56.8 (6.4) 2.5 (1.4) 0.2 (0.1)

Grazed 34.0 (3.4) 50.0 (5.8) 3.3 (0.9) 2.0 (1.0)

Central Plains Expt. Short-grass upland
Range, CO 1996 26.0 (1.8) 57.5 (4.1) 1.2 (0.4) 0.04 (0.01)

1997 29.4 (1.9) 48.2 (5.3) 1.1 (0.4) 0.03 (0.01)
Short-grass riparian

1997
44.5 (9.6) 31.6 (5.6) 3.0 (1.1) 0.16 (0.11)

Badlands N.P., SD Desert mixed grass
upland

26.0 (2.2) 22.7 (2.0) 8.8 (1.5) 21.6 (11.4)

Desert mixed-grass
Riparian

33.0 (5.5) 37.8 (10.6) 9.5 (0.6) 2.4 (0.4)

Bighorn Canyon N.R.A., Mixed-grass upland 24.3 (1.7) 20.6 (2.7) 2.8 (1.9) 1.2 (1.0)
WY, MT Mixed-grass Riparian 29.0 (4.8) 38.0 (6.3) 10.0 (2.9) 20.9 (10.7)

Pipestone N.M., MN Tallgrass prairie 37.5 (4.1) 57.6 (12.1) 8.8 (1.0) 20.4 (8.3)

aN.P., National Park; N.W.R., National Wildlife Refuge; N.R.A., National Recreational Area; N.M., National Monument.
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df � 5 and 86). Thus, the samples covered a very
broad range of vegetation types, soils, and climatic
conditions in natural areas in the north– central
United States.

General Patterns of Successful Invasion
There are several general patterns of invasion at the

1000-m2 plot scale. There were significant positive rela-
tionships between the nonnative species richness and

Table 2. Soil characteristics in 100 0.1-ha plots (25 sets of 4 plots in 22 vegetation types) in the north–central
United States: Mean of four to eight plots (standard error)

Study areaa Vegetation type C (%) N (%) Sand (%) Silt (%) Clay (%)
Elevation

(m)
Disturbance

(class)

Rocky Mountain
N.P., CO

Alpine 2.8 (0.5) 0.1 (0.02) 65.8 (1.9) 14.0 (2.3) 20.2 (0.9) 3007 (63) 1.0 (0.0)

Aspen 3.5 (0.8) 0.1 (0.01) 75.6 (1.4) 14.3 (2.2) 10.2 (1.5) 2704 (35) 1.0 (0.0)
Wet meadow 5.6 (1.9) 0.4 (0.2) 59.7 (11.4) 18.9 (4.4) 21.4 (7.2) 2545 (4) 1.0 (0.0)
Lodgepole

pine
4.2 (0.6) 0.2 (0.1) 72.8 (0.8) 14.5 (1.4) 12.7 (2.1) 2665 (33) 1.0 (0.0)

Dry meadow 1.5 (0.5) 0.1 (0.03) 72.2 (1.1) 15.7 (0.5) 12.1 (1.3) 2612 (42) 1.0 (0.0)
Ponderosa pine 3.0 (0.8) 0.1 (0.04) 77.3 (3.4) 11.8 (1.5) 10.9 (2.1) 2625 (44) 1.0 (0.0)
Mixed conifer 7.0 (2.5) 0.3 (0.1) 66.1 (3.5) 15.8 (2.0) 18.1 (3.0) 2723 (113) 1.0 (0.0)

High Plains Expt.
Ctr., WY

Mixed-grass
prairie

1.8 (0.1) 0.2 (0.01) 63.0 (1.8) 11.0 (1.6) 26.0 (2.9) 1944 (13) 2.5 (1.0)

Wind Cave N.P.,
SD

Northern
mixed
prairie
Grazed

3.1 (0.5) 0.3 (0.03) 23.1 (2.1) 31.9 (2.4) 45.0 (0.9) 1250 (30) 2.5 (0.5)

Riparian 2.8 (0.1) 0.2 (0.03) 61.4 (2.9) 15.1 (2.9) 23.5 (4.4) 1187 (26) 2.5 (0.5)

Charles M. Russell
N.W.R., MT

Northern
mixed
prairie

Ungrazed 1.8 (0.2) 0.2 (0.01) 17.1 (6.7) 25.8 (1.3) 57.2 (7.4) 865 (27) 2.0 (0.0)
Grazed 1.4 (0.1) 0.2 (0.01) 19.3 (6.4) 23.1 (2.7) 57.7 (7.9) 863 (19) 3.6 (0.2)

Yellowstone/Grand
Teton N.P., WY

Montane
meadow

Ungrazed 2.7 (0.5) 0.2 (0.05) 53.7 (4.7) 25.1 (2.9) 21.2 (3.2) 2077 (63) 0.0 (0.0)
Grazed 4.3 (0.7) 0.3 (0.06) 58.6 (4.7) 20.4 (3.5) 21.0 (2.4) 2063 (37) 2.5 (0.2)

Central Plains
Expt. Range, CO

Short-grass
steppe

Upland (1996) 0.9 (0.1) 0.1 (0.01) 74.3 (2.8) 11.1 (1.5) 14.7 (1.5) 1644 (29) 3.0 (0.4)
Upland (1997) 0.9 (0.1) 0.1 (0.01) 72.7 (3.4) 6.1 (1.4) 21.3 (2.2) 1645 (16) 3.1 (0.2)
Riparian

(1997)
0.9 (0.2) 0.1 (0.02) 56.7 (4.2) 14.6 (1.7) 28.7 (4.8) 1620 (9) 2.3 (0.3)

Badlands N.P., SD Desert mixed-
grass

Upland 1.5 (0.2) 0.1 (0.01) 24.2 (5.0) 30.4 (5.2) 45.3 (8.2) 795 (27) 1.8 (0.3)
Riparian 1.5 (0.05) 0.1 (0.02) 28.0 (8.3) 26.0 (2.5) 46.5 (8.6) 783 (16) 2.3 (0.5)

Bighorn Canyon Mixed-grass
N.R.A., WY, MT Upland 2.2 (0.6) 0.1 (0.05) 53.5 (4.7) 9.9 (6.9) 36.6 (4.7) 1378 (58) 2.0 (0.0)

Riparian 0.8 (0.2) 0.1 (0.05) 62.1 (8.6) 13.4 (6.2) 24.5 (2.7) 1161 (65) 3.5 (0.6)

Pipestone N.M.,
MN

Tallgrass
prairie

4.4 (0.2) 0.4 (0.02) 11.7 (1.2) 54.1 (0.8) 34.3 (1.7) 498 (16) 2.8 (1.0)

aFor abbreviations see Table 1, footnote a.
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the native species richness, total soil nitrogen, and
silt � clay content in the soil (Table 3). Likewise,
nonnative species cover was significantly positively cor-
related with those same variables at the plot scale (Ta-
ble 3).

For the 100 plots throughout the study region, there
was a significant negative relationship between eleva-
tion and nonnative species richness (log nonnative spe-
cies richness; r � � 0.32, F � 11.5, P � 0.001). Only
the high-elevation alpine type at Rocky Mountain Na-
tional Park had no nonnative species in the sample
plots.

At the plot scale, 50% of the variation in nonnative
species cover was explained by native plant species
richness, longitude, latitude, soil total percentage nitro-
gen, and mean maximum July temperature (Figure 2a).
For the 100 plots, 60% of the variation in nonnative
species cover was explained by nonnative plant species
richness, elevation, and total soil nitrogen (Figure 2b).

At the vegetation-type scale (25 sets of four plots),
nonnative species richness was significantly correlated
with total native species richness and total soil nitrogen
(Table 3). Compared to the plot-scale results, the rela-
tionship was stronger for native species richness and
weaker for soil total nitrogen. Also, at the vegetation-
type scale, 64% of the variation in nonnative species
richness was explained by native plant species richness,
elevation, and winter (October to June) precipitation
(Figure 3a). One possible interpretation is that once
several nonnative species become established, a habitat

may be particularly vulnerable to greatly increased
cover of invasive species (Figures 3b and 4). This ex-
planation is supported by the positive correlation be-
tween nonnative species richness and foliar cover at the
plot scale (r � 0.77, P � 0.001) and vegetation-type
scale (r � 0.83, P � 0.001).

Disturbance, as we classified it, showed little statisti-
cal relationship to nonnative species richness. For the
100 0.1-ha plots, the numbers of plots from low (class 0)
to high (class 5) disturbance class were 5, 35, 26, 17, 15,
and 2 plots. Despite this fairly broad range, there were
no significant correlations between disturbance class
and nonnative species richness at either the plot scale
(P � 0.56, F � 0.33) or the vegetation-type scale
(P � 0.33, F � 0.98).

Discussion

Reexamining the Relationship of Native Species
Richness and Plant Invasion

In a previous study (Stohlgren and others 1999a)
that included 9 of the 22 vegetation types used in this
synthesis, we showed that nonnative species richness
was strongly positively correlated with native species
richness. This larger synthesis more strongly confirms
that relationship at multiple spatial scales (Table 3). In
both grassland and montane biomes, species-rich sites
have been heavily invaded (Table 1) (Stohlgren and
others 1999a). This alarming pattern may be more

Table 3. Simple linear regressions of vegetation and soil characteristics as predictors of nonnative species richness
and cover for the 100 1000-m2 plots (25 sets of 4 plots in 22 vegetation types) used in the study

Dependent variable/predictors Coefficient t P Model F and r

1000-m2 plot scale (n � 100
plots)
Log No. nonnative spp.

No. native spp. 0.013 5.08 0.001 F � 25.8, r � 0.46
Log soil % N 1.69 2.12 0.036 F � 4.5, r � 0.21
Soil (% sand � % clay) 0.003 2.00 0.048 F � 4.0, r � 0.21

Log cover nonnative spp.
No. native spp. 0.014 3.60 0.001 F � 13.0, r � 0.34
Log No. nonnative spp. 1.12 11.9 0.001 F � 141.8, r �

0.77
Soil (% sand � % clay) 0.005 2.38 0.019 F � 5.7, r � 0.24
Log soil % N 2.92 2.60 0.011 F � 6.8, r � 0.25

Vegetation-type Scale (n � 25 sets
of 4 plots)
Log No. nonnative spp.

No. native spp. 0.125 2.63 0.015 F � 6.9, r � 0.48
Soil (% sand � % clay) 0.096 1.76 0.092 F � 3.1, r � 0.12

Log cover nonnative spp.
Log No. nonnative spp. 0.08 6.80 0.001 F � 47.0, r � 0.82
Log soil % N 4.7 1.74 0.095 F � 3.0, r � 0.12
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widespread than previously thought. A recent land-
scape-scale survey in arid, southwestern Utah found
similar patterns with heavy invasions in areas high in
native species richness, rare habitats, and fertile soils
(Stohlgren et al. 2001). In this and other landscapes,
nonnative species richness was strongly positively cor-
related with native species richness (Table 1) (Stohl-
gren and others 1999a, 2000, 2001). Locally, species-
rich riparian zones were more heavily invaded than
species-poor upland sites nearby (Table 1) (Stohlgren
and others 1998b, Planty-Tabacchi and others 1996).
Of greatest concern was a stronger correlation between
native and nonnative species richness at the vegetation-
type scale compared to the plot scale. Species-rich veg-

etation types in the north–central United States appear
to be highly vulnerable to invasion by nonnative species
(Table 2). Conversely, there was little support for the-
ories that areas of high species diversity might resist
invasion by nonnative species (MacArthur and Wilson
1967, Turelli 1981, Post and Pimm 1983, Rummel and
Roughgarden 1983, Case 1990, Law and Morton 1996).
There was also little agreement with the few field stud-
ies and small-scale experiments that reported a negative
relationship between native and nonnative species rich-
ness (McNaughton 1983, 1993, Fox and Fox 1986, Til-
man 1997).

We do not fully understand the mechanisms and
processes that create the observed patterns. Native spe-
cies richness in an area is likely the result of habitat
heterogeneity and available resources (Lonsdale 1999),
seed supply (Coffin and Lauenroth 1989, Tilman

Figure 2. Path coefficient diagram of environmental factors
influencing nonnative species richness (a) and cover (b) for
100 1000-m2 plots in the north–central United States. Direct
arrows to nonnative species richness or cover include stan-
dardized partial regression coefficient values, while arrows
between environmental variables are simple correlation coef-
ficients. R2 is the adjusted coefficient of multiple determina-
tion.

Figure 3. Path coefficient diagram of environmental factors
influencing nonnative species richness (a) and cover (b) for
the 25 sites (vegetation-type scale) in the north–central
United States. Direct arrows to nonnative species richness or
cover include standardized partial regression coefficient val-
ues, while arrows between environmental variables are simple
correlation coefficients. R2 is the adjusted coefficient of mul-
tiple determination.
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1997), and many other factors such as disturbance his-
tory, land use, species migration and turnover, her-
bivory, competition, diseases, and pathogens (Stohl-
gren and others 1999a). The attribute of “native species
richness” may have little direct, “causal” effect on inva-
sion potential (Rejmánek 1996a, Stohlgren and others
1999a, Lonsdale 1999, Levine and D’Antonio 1999).
However, this does not diminish the importance of
native species richness as an indicator or predictor of
habitat vulnerability to invasion (Table 3, Figures 2 and
3). The simplest explanation may be that nonnative
plant species thrive on the same resources (high light,
nitrogen, and water) as native plant species (Stohlgren
and others 1997a, 1998b, 1999a, 2000, 2001, Lee 2001).
Information on native species richness, soil nitrogen,
elevation, and precipitation are relatively easy to obtain
over large areas and may greatly improve the precision
and accuracy of spatial models of invasive species
(Chong and others 2001).

May (1973) argued that highly diverse communi-
ties are intrinsically unstable with some species drop-
ping in and out routinely. We observed that most
species in a plot had �1% foliar cover. We also
observed many species in cotyledon, seedling, and
mature stages within and among plots. These small,
young, individual plants and scattered subpopula-
tions may be vulnerable to high turnover of individ-
uals and changes in local species composition. It is
easy to imagine some native species dropping out
and nonnative species replacing them. Theoretically,
many species can coexist as a result of biogenic small-
scale heterogeneity and interactions among organ-
isms for spatially and temporally variable resources
(Huston and DeAngelis 1994), but species replace-
ments also may occur in areas of high turnover
(Stohlgren and others 1999a,b, 2000a).

It appears that landscape-scale and biome-scale
study results are ignored or discounted by those
claiming that species-rich areas are more stable and
less-invasible than species-poor areas (e.g., Tilman
1997, 1999, Mack and others 2000). A growing num-
ber of landscape-scale (DeFerrari and Naiman 1994,
Stohlgren and others 1997a, 1999c, 2000, 2001, Lee
2001), biome-scale (Stohlgren and others 1999a),
regional-scale (this study), and global-scale (Vitousek
and others 1996, Rejmánek 1996, Lonsdale 1999)
studies clearly show that many species-rich areas in
the world have been readily invaded by nonnative
plant species.

There are many other possible causes for the pat-
terns of invasion reported in this paper. Propagule
pressure by nonnative species may be disproportion-
ately higher in certain areas, but it is difficult and
impractical to measure, monitor, regulate, or manage
propagule pressure at landscape scales, especially for
seeds that are ubiquitously distributed by wind, large
and small mammals, and insects (Stohlgren and others
2001). The origin, autecology, and genetic variation of
the nonnative invaders may also be important (Mack
and others 2000). That is, the nonnative species pool
may include species that favor fertile sites. However, the
traits of herbaceous plant species have not proven to be
of general predictive value for invasions at landscape
scales. Lee (2001) showed that plant species traits ex-
plained only about 12% of the variation in invasion
success, while habitat characteristics explained 60% of
the invasion success in Rocky Mountain National Park,
Colorado. Escape from natural enemies may add to the
success of nonnative species (Mack and others 2000),
but this is very difficult to quantify over landscape and
regional scales for many species.

Habitat characteristics are unquestionably impor-
tant predictors of successful invasions (Table 3, Figures
2 and 3), and they are relatively easier and inexpensive
to measure and monitor (Stohlgren and others 1998b,
1999a, 2001). Isolating the causes of the patterns re-
ported here are beyond the scope of this observational
study. Instead, we draw the land manager’s attention to
the locations, habitats, and physical factors associated
with the current patterns of successful invasion to aid in
future control and restoration efforts (Stohlgren and
others 2001).

Reexamining the Effects of Grazing and Disturbance
on Plant Invasions

In most of our study sites, disturbances such as graz-
ing by ungulates and domestic animals had minimal
effects on nonnative species richness. Intensive grazing
by cattle for over 100 years at the relatively species-poor

Figure 4. Relationship of total nonnative species richness at
the vegetation-type scale (from sets of four 1000-m2 plots) and
mean nonnative species cover (from 40 1-m2 subplots/vege-
tation type) in the north–central United States.
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short grass steppe of Colorado has resulted in little
invasion by nonnative species (Stohlgren and others
1999a). There were no significant differences in native
and nonnative species richness and cover between long-
term grazed and ungrazed plots at the Charles M.
Russell National Wildlife Refuge or in Yellowstone/
Teton National Parks (Table 1) (Stohlgren and others
1999b). Nonnative species appear to be invading and
thriving in both grazed and long-term ungrazed sites in
our study areas (Stohlgren and others 1999b). These
sites tended to have long evolutionary histories of graz-
ing (Milchunas and Lauenroth 1993).

Disturbance, as we classified it, had little effect on
native and nonnative species richness in the sites we
studied. It may be that superficial disturbances, such as
removal of aboveground biomass by herbivores, are less
devastating than a plow, a road grader, or excavations
by small mammals which churn the soil. Traveling to
our study sites, we observed invasive plants along nearly
all of the roadways and edges of agricultural lands.
Although we detected no invasive plants at high-eleva-
tion alpine sites at Rocky Mountain National Park, Col-
orado, probably because most Mediterranean weeds in
the area cannot tolerate cold temperatures (Stohlgren
and others 2000b), the common dandelion (Taraxacum
officinale) can be found along high elevation road cuts
and trails.

The potential role of other disturbances such as
large-scale fire, small ground-churning mammals, in-
sect and disease outbreaks, and flooding was not as-
sessed in this study, and they deserve more attention in
future research (Hobbs and Hueneke 1992). Likewise,
activities that increase available nitrogen on a site (e.g.,
fire, air pollution, fertilization, nitrogen-fixing plants)
may promote invasion, especially if the site is near and
connected to an already infested site.

Management Implications

Land managers may not be able to seek solace in the
prevailing paradigm (and hope) that establishment by
nonnative species in natural landscapes should decline
in the face of many strongly interacting native species,
which are thought to use resources more completely.
Although the mechanisms are far from clear, we found
patterns of invasion that produce significant challenges
for land managers. Habitats with high native species
richness were more heavily invaded than species-poor
habitats as evidenced by strongly significant correla-
tions between native and nonnative species at the plot
scale and across vegetation types. Control and restora-
tion activities will have to be carefully planned and
executed in many habitats. There should be reluctance
to broadcast herbicides in hotspots of native plant di-

versity. More efficient and selective biological control
efforts are needed. Far more research is needed on the
effects of nonnative species in native species-rich habi-
tats. For example, the best predictors of native butterfly
richness at Rocky Mountain National Park, Colorado
were the richness and cover of nonnative plant species
(Simonson and others 2001). Additional research is
needed to determine the long-term ramifications of the
establishment and spread of nonnative plants into hot-
spots of native biodiversity.

Low-elevation areas were more heavily invaded than
high-elevation sites, and species-rich riparian zones
tended to have more nonnative species than adjacent
upland sites. Land managers in mountainous areas may
have to contend with an increasing pressure of inva-
sions from lowland areas and riparian zones that may
serve as corridors of invasion. The spatial matrix of
roadside disturbance and riparian zones may provide
continuous sources of seeds to riparian and adjacent
upland sites.

Canopy gaps in forests, aspen stands, and productive
montane meadows were more heavily invaded than
closed-canopy forests with sparse understory vegetation
(Table 1) (Stohlgren and others 2000, Lee 2001). Land
managers may be in the awkward position of protecting
forests, while allowing for resource extraction or natu-
ral fire regimes, which may promote nonnative plant
invasions.

Grazed and ungrazed sites and disturbed and undis-
turbed sites are all vulnerable to invasion as long as
light, water, and nitrogen are available (Table 1)
(Stohlgren and others 1999b). While disturbance may
enhance invasion in some of these habitats, the subtle
invasion in less disturbed sites may be particularly dif-
ficult to manage for and control over large areas.

Nonnative plant invasions in rare habitats and dis-
tinctive plant communities pose the most significant
challenge to land managers and conservation biologists
charged with protecting native biodiversity. Tallgrass
prairie, riparian zones, aspen stands, and wet meadows
often contain unique assemblages of plant species—
and these habitats appear to be particularly vulnerable
to invasion. Early detection of nonnative species, and
control and restoration efforts may be more difficult in
species-rich environments. More sophisticated and ex-
tensive inventory and monitoring programs are
needed. Many agencies, states, and nongovernment or-
ganizations have begun extensive control and restora-
tion efforts, without commensurate research and mon-
itoring efforts to assess environmental costs to native
species in the area. Managers need far better spatial
and ecosystem models to predict the establishment and
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spread of invasive plant species (Chong and others
2001).
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